Abstract. Resolving fungal and bacterial groups within the microbial decomposer community is thought to capture disparate life strategies for soil microbial decomposers, associating bacteria with an r-selected strategy for carbon (C) and nutrient use, and fungi with a K-selected strategy. Additionally, food-web model-based work has established a widely held belief that the bacterial decomposer pathway in soil supports high turnover rates of easily available substrates, while the slower fungal-dominated decomposition pathway supports the decomposition of more complex organic material, thus characterizing the biogeochemistry of the ecosystem. We used a field experiment, the Detritus Input and Removal Treatments, or DIRT, experiment (Harvard Forest Long-Term Ecological Research Site, USA) where litter and root inputs (control, no litter, double litter, or no tree roots) have been experimentally manipulated during 23 years, generating differences in soil C quality. We hypothesized (1) that d 13 C enrichment would decrease with higher soil C quality and that a higher C quality would favor bacterial decomposers, (2) that the C mineralized in fungal-dominated treatments would be of lower quality and also depleted in d 13 C relative to bacterial-dominated high-quality soil C treatments, and (3) that higher C mineralization along with higher gross N mineralization rates would occur in bacterialdominated treatments compared with more fungal-dominated treatments. The DIRT treatments resulted in a gradient of soil C quality, as shown by up to 4.5-fold differences between the respiration per soil C between treatments. High-quality C benefited fungal dominance, in direct contrast with our hypothesis. Further, there was no difference between the d 13 CO 2 produced by a fungal compared with a bacterial-dominated decomposer community. There were differences in C and N mineralization between DIRT treatments, but these were not related to the relative dominance of fungal and bacterial decomposers. Thus we find no support for the hypothesized differences between detrital food webs dominated by bacteria compared to those dominated by fungi. Rather, an association between high-quality soil C and fungi emerges from our results. Consequently there is a need to revise our basic understanding for microbial communities and the processes they regulate in soil.
INTRODUCTION
Soils contain vast and dynamic pools of carbon (C) that are fundamental for maintaining the balance of atmospheric CO 2 concentrations (Denman et al. 2007 ). Transformations of soil organic matter (SOM) mostly rely on the activity of soil decomposer microorganisms that control the release of greenhouse gases including CO 2 Gerretsen 1931, Schlesinger and Andrews 2000) , the storage of SOM and subsequent maintenance of soil physical structure and fertility (Le Guillou et al. 2012) , and nutrient regeneration essential for plant nutrition (Waksman and Starkey 1932) . Despite their integral biogeochemical role, the explicit incorporation of microbial dynamics into C cycle models is limited by insufficient knowledge of if and how microbial community structure translates into functional relevance (Fierer et al. 2007 , Keiser et al. 2014 . Most C models treat the microbial community implicitly (e.g., Jenkinson et al. 1999) , assuming that microbial activity is solely determined by abiotic factors, such as temperature, moisture, and pH, while community identity is not explicitly considered. This approach assumes that microbial communities, or their supported food webs, cannot be distinguished with regard to their functional impact in the soil system. Recent models have started to explicitly consider the qualitative characteristics of decomposer microbial communities (phylogenic or functional composition; Fontaine et al. 2003 , Fontaine and Barot 2005 , Allison 2012 ) finding improved model performances (Wieder et al. 2013) . While merely resolving the microbial community into fungal 3 E-mail: johannes.rousk@biol.lu.se and bacterial components is a coarse division, there are some emerging general patterns to note. In fact, resolving fungal and bacterial decomposers has been thought to capture disparate life strategies for soil microbial decomposers, associating bacteria with an rselected strategy for C and nutrient use, and fungi with a K-selected strategy (Fontaine et al. 2003 , Fontaine and Barot 2005 , Blagodatskaya and Kuzyakov 2008 ). Moreover, food-web models predict very different outcomes with regard to C sequestration, nutrient turnover, and ecosystem stability depending on microbial community composition, especially in terms of the relative dominance of fungi and bacteria (Moore et al. 2004 , Neutel et al. 2007 , Bezemer et al. 2010 . In general, a widely held assumption is that bacterial decomposer pathways in soil support high turnover rates of easily available substrates, while slower fungal-dominated decomposition pathways support the decomposition of more complex organic material (Wardle et al. 2004 , de Graaff et al. 2010 , de Vries et al. 2012 ). The C-limited soil microbial community is dependent on and regulated by the availability and quality of organic matter (Demoling et al. 2007 , Egli 2010 , Hobbie and Hobbie 2012 , Inselbacher and Na¨sholm 2012 . The availability and quality of soil organic matter, in turn, is regulated by plant inputs. The plant influence is provided both from aboveground sources such as litter input (Hieber and Gessner 2002 , Romani et al. 2006 , Sayer et al. 2011 , Rousk et al. 2013 , and from belowground sources, such as root exudates and deposition (Farrar et al. 2003) . It has been demonstrated that nutrient content (Henriksen and Breland 1999) and the C quality of litter (Rousk and Ba˚a˚th 2007) determines which components of the microbial community that respond. Similarly, the type and concentration of root exudate additions to soil determine the responsive fractions within the microbial community (de Graaff et al. 2010 , Eilers et al. 2010 , Reischke et al. 2014 , Rousk et al. 2015 . Plant litter of high C quality appears to favor bacterial more than fungal growth, while lower-quality plant litter additions shows the opposite relationship Ba˚a˚th 2007, Strickland et al. 2009 ). However, most experimental assessments that have resolved microbial responses to date have involved the influence of single additions of litter or model root exudate compounds to soil, and most assessments have been done in laboratory systems. Consequently, the effects of plant inputs on microbial responses have not yet been sufficiently validated in intact ecosystems with semi-continuous supplies of litter and root deposition. Moreover, how plant-input-induced microbial responses translate into differences in ecosystem function (e.g., C and N mineralization), remains to be established.
Stable isotope probing (SIP) presents a means by which the microbial use of C derived from plant material of varying quality can be assessed. Biosynthetic processes discriminate predictably against different C isotopes, and the plant C produced by C 3 plants, for example, have a well-constrained d 13 C signal (Hayes 2001) . After incorporation into microbial biomass, the C is slightly enriched in 13 C compared to the initial substrate. Thus, after a cycle of microbial use, the C released back to the soil environment as a result of microbial turnover has become enriched in d 13 C (Abraham et al. 1998, Cifuentes and Salata 2001) . Since microbial derived C is of lower quality compared to plant-derived C (Å gren et al. 1996 , Schiff et al. 1997 , Cotrufo et al. 2013 , the gradual enrichment in d
13
C signal in SOC that develops with each microbial use cycle coincides with a gradual reduction in SOC quality (Churchland et al. 2013 ). Although it is theoretically possible that this relationship can be offset by changes in the composition of compounds that make up the SOC (e.g., an enrichment of lignin) due to compound specific differences in d 13 C signals, the pattern has been found to be robust within and between soils and to overshadow compound specific differences (Sollins et al. 2009, Gunina and Kuzyakov 2014) . Consequently, using differences in natural abundances of C isotopes, an effective index presents itself from which we can infer the quality of C left in the soil, as well as that used by microorganisms for both catabolism (release of CO 2 ) and anabolism (incorporation into microbial biomarkers).
To test how microbial communities were affected by SOC quality, an operational definition of SOC quality as perceived by the microbial community is required. We used two indices to achieve this. First, a direct measure of the microbial ability to use the SOC as measured respiration per SOC. While this measure only includes one aspect of the microbial C use (catabolism; not anabolism), it has been found to be a robust proxy for microbial assimilability of C for both growth and respiration under stable-state laboratory conditions (Å gren et al. 1996 , Schiff et al. 1997 , Cotrufo et al. 2013 . Second, the d 13 C enrichment can be used to track the quality of C in SOC, microorganisms, or respired CO 2 .
We used a long-term field experiment where plant inputs have been manipulated in a temperate forest ecosystem over 23 years. This Detritus Input and Removal Treatments, or DIRT, experiment has experimentally adjusted litter input (no litter, double litter, or control) and tree root input (no tree roots) in a temperate, mixed-hardwood stand at the Harvard Forest Long-Term Ecological Research (LTER) site in Massachusetts, USA. This field experiment was combined with (1) a natural abundance carbon isotope (d 13 C) study to quantify the plant input manipulation effects on the quality of the SOC, and its contribution to respired CO 2 and incorporation into the microbial community as determined using microbial biomarkers (phospholipid fatty acids, PLFAs); (2) growth rate and biomass based assessments of fungal and bacterial components resulting from the long-term plant-input manipulations; and (3) C (respiration) and N mineral-ization ( 15 N-pool dilutions) determinations to assess microbial function. We addressed some long-standing assumptions in soil microbial ecology by evaluating three main hypotheses. (H1) SOM formed by 23 years of increased plant litter inputs (e.g., double litter) should be of higher quality and thus favor bacterial decomposers compared to SOM resulting from 23-years of reduced litter or root inputs (e.g., no litter, no tree roots), which will be enriched in lower-quality C and thus favor fungal decomposers. (H2) The C mineralized (d 13 CO 2 ) in the low-plant-input treatments (and presumably dominated by low-quality C and fungi ) will be enriched in d 13 C compared to the C mineralized from the high-C-input treatments. (H3) Bacterial-dominated decomposition in high SOC quality treatments will have a higher mineralization rate of both C and N and a higher potential for nutrient leakage (gross N mineralization rates), and a lower potential to retain mineral N (N assimilation rates) than the relatively more fungaldominated treatments.
METHODS

Site, field experiment, and sampling
The study site is located in Harvard Forest in northcentral Massachusetts, and has previously been described in greater detail (Bowden et al. 1993) . It is about a 1-ha, century-old, mixed-hardwood stand dominated by northern red oak (Quercus borealis Michx. F.; 43% basal area), red maple (Acer rubrum L.; 19% basal area), and paper birch (Betula papurifera Marsh.; 15% basal area), with an herbaceous ground cover dominated by Canada mayflower (Maianthemum canadense Desf.) and a variety of ferns. The soil is derived from glacial till deposited (about 3 m deep) over granite, gneiss, and schist bedrock, and is moderately well drained stonyloam classified as an Inceptisol (USDA taxonomy). The mean annual temperature is 78C and mean annual precipitation about 1100 mm.
The DIRT experimental plots were established at the site in 1990, as described in Bowden et al. (1993) . The plots are 3 3 3 m, free of trees and saplings, and with aboveground and belowground plant C inputs manipulated in a number of ways. The treatments include control (Co, normal annual aboveground litter inputs), double litter (2X, twice the litter inputs of the control plots), no litter (0X, annual aboveground litter inputs excluded), no tree roots (T, plots trenched and root regrowth into plots prevented), no input (T0X, plots trenched and annual aboveground litter excluded), and no OA (OA, soil O, and A horizons removed and replaced with B horizon material from nearby excavations). The treatment codes are provided in Table 1 . The plots (n ¼ 3) were set up in a stratified random approach at upslope, midslope, and downslope positions within the site (see Bowden et al. [1993] for more details), with two randomly assigned control plots present in each of the three blocks.
The litter interception treatments (0X, T0X) were administered by placing plastic mesh shade cloth on the plots from early September to late October (a period during which 95% of all litter fall occurs). After this period, the intercepted litter was returned to the plots :5, mass : volume) . Soil moisture was determined using gravimentric loss at 1058C for 24 h, as is given as mass percentage of fresh mass (fm). Soil organic matter (SOM) content was determined using loss on ignition (6008C for 16 h). Soil organic carbon (SOC) and total nitrogen (TN) were determined using an elemental analyzer. The NH 4 with normal rates of litter input (Co, T, OA), or redistributed from the litter interception treatments (0X) to the double litter treatment (2X). In the treatments without root input (T and T0X), 70-100 cm trenches, extending about 20 cm below the lower edge of the rooting zone, were dug 0.5 m outside of the plot boundaries. Corrugated fiberglass sheets (3 mm thick) were installed to prevent roots from reestablishing, after which the trenches were refilled. After noting signs of root reestablishment, trenching treatments were readministered in 1999. This time, new trenches were dug down to 1 m depth. The original plastic barrier was removed and replaced with a seven-ply laminate combining four layers of high density polyethylene and three high-strength cord grids (Griffolyn; Reef Industries, Texas, USA), folded over twice. The new dividers were extended 20-40 cm aboveground, and 30 cm below the 1 m deep trenches. The OA treatments were established by removing the O and A horizons and replacing them with B horizon soils excavated from nearby. The treatments have been maintained continuously, and the no input (T0X) plots are kept free of seedlings and herbaceous vegetation and falling wood litter (more than twice each growing season).
The DIRT plots were sampled in late October 2013. From each plot, four cores (8 cm wide 3 10 cm deep) were separated into organic (O) and mineral (M) horizons and then combined into composite samples maintaining the two horizons and plot replication. The treatment where mineral (B horizon) soil had replaced the O and Oa horizons (treatment OA) at the field experiment's initiation had a poorly developed O horizon (;1-2 cm depth). The samples were sieved (4 mm O horizon; 2 mm M horizon), pebbles and roots were removed, and then mixed and homogenized into press-seal polypropylene bags that were stored on ice in styrofoam insulated boxes during shipping. Microbial analyses were performed within five days of sampling.
Soil characterization
Water content was determined gravimetrically (1058C for 24 h), organic matter content by loss on ignition (6008C for 16 h), and soil pH in a 1:5 (mass : volume) extraction with 0.1 mol/L KCl. Total soil organic C and N concentrations were determined by dry combustion using a Flash 2000 elemental analyzer (Thermo Fisher Scientific, Bremen, Germany). Soil NH 4 concentrations were determined as part of the gross N mineralization determination.
Bacterial and fungal growth, biomass and PLFA composition, and total respiration
Bacterial growth was measured using the leucine (Leu) incorporation method (Kirchman et al. 1985) adapted for soil ) with modifications (Rousk et al. 2009 ), which estimates the rate of protein synthesis as a measure of bacterial growth. We used a mixture of radio-labeled Leu, [
3 H]Leu (37 MBq/mL, 5.74 TBq/mmol; Perkin Elmer, Waltham, Massachusetts, USA) and unlabeled Leu, resulting in 275 nmol/L Leu in the bacterial suspension, and a 2 h incubation at 228C without light. Fungal growth and biomass (ergosterol concentration) were determined using the acetate-in-ergosterol incorporation method (Newell and Fallon 1991) adapted for soil (Ba˚a˚th 2001) , with modifications Ba˚a˚th 2007, Rousk et al. 2009 ), which estimates the rate of ergosterol synthesis as a measure of fungal growth. We used 1-[ 14 C]acetic acid (sodium salt, 2.04 GBq/mmol, 7.4 MBq/mL; Perkin Elmer) and unlabeled acetate resulting in a final acetate concentration of 220 lmol/L, and an incubation time of 4 h at 228C without light.
Respiration was measured by transferring 1 (O horizon) or 2 (M horizon) g soil into a 20-mL glass vial and purging the headspace with pressurized air. The vial was closed with a crimp lid and incubated for 24 h at 228C without light. Afterward, the headspace CO 2 concentration was analyzed using a gas chromatograph (GC) equipped with a methanizer and a flame ionization detector (FID; YL6500 GC, YL instruments, Gyeonggido, Korea). Sub-samples of the headspace (1.5 mL) were also transferred to He-purged gas-tight borosilicate tubes (12 mL; Labco, Lampeter, UK) for subsequent isotope ratio measurements of the produced CO 2 . Microbial biomass was measured using the substrate induced respiration (SIR) method (Anderson and Domsch 1978) . Glucose : talcum (4:1; 5 mg/g) was added and mixed into the soil samples following the respiration analyses. After 20 minutes, the atmosphere was purged of CO 2 with pressurized air, after which the vials were again closed with crimp caps, and incubated for 2-3 h at 228C. The CO 2 evolved was then determined as described above. SIR-respiration was converted to biomass using the relationship 1 mg CO 2 /h at 228C corresponds to 20 mg biomass C (recalculated from Anderson and Domsch 1978) , and assuming a 45% C content in microbial biomass.
The microbial phospholipid fatty acid (PLFA) composition was determined using 1 (O horizon) or 2 g (M horizon) soil according to Frostega˚rd et al. (1993) with modifications described by Nilsson et al. (2007) . An internal standard (methyl nonadecanoate fatty acid, 19:0) was added before the methylation step. The derived fatty acid method esters were quantified on a GC-FID as previously described (Frostega˚rd et al. 1993) , and then analyzed for d 13 C content. The PLFAs chosen to indicate bacterial biomass were i15:0, a15:0, i16:0, 16:1x9, 16:1x7c, 10Me16:0, cy17:0, i17:0, a17:0, 18:1x7, and cy19:0, while PLFA 18:2x6,9 was used to indicate fungal biomass (Frostega˚rd and Ba˚a˚th 1996) . Taxonomic groups were designated based on a subselection from Ruess and Chamberlain (2010) .
Gross N transformation rates
The N mineralization and consumption rates were determined using the 15 N pool-dilution method. Each homogenized soil sample was divided into to subsamples (each 10 g fresh mass) in 200-mL, gas-tight, polypropylene cups, to which 350 lL NH 4 Cl (45 lg N/mL) enriched to 98% 15 N (Sigma Aldrich, St. Louis, Missouri, USA) were administered evenly using a pipette, followed by vigorous mixing with a stainless steel spatula to ensure even distribution, after which they were lidded. One set of the subsamples was extracted using a 1 mol/L KCl solution ( N-content of the glass fiber traps were dried at room temperature using a desiccator, transferred to tin cups, and measured with a Flash 2000 elemental analyzer coupled to a Delta V Plus via the ConFlow IV interface (Thermo Fisher Scientific, Bremen, Germany) at the Stable Isotope Facility at the Department of Biology, Lund University, Sweden. The 15 N addition to these soils increased in the inorganic N concentration by approximately 1-2 lg N/g, corresponding to rather limited changes in mineral N concentrations, at ca. 50% increases in NH 4 þ concentrations above initial levels. The gross N transformation rates were estimated as described in Bengtson et al. (2005) .
All results on 13 C/ 12 C ratios are reported as per mil (%) difference using the Pee Dee Belemnite (PDB) standard in the ] notation:
where R sample is the 13 C/ 12 C ratio of the sample and R std is the 13 C/ 12 C ratio in the PDB standard. All IRMS measurements were performed using various appliances coupled to a Delta V Plus via the ConFlow IV interface (Thermo Fisher Scientific, Bremen, Germany) at the Stable Isotope Facility at the Department of Biology, Lund University, Sweden. For measurements of d 13 C in soil a Flash 2000 elemental analyzer was used, for d 13 C in respired CO 2 a GasBench II was used, and for the d 13 C in FAMEs derived from extracted PLFAs a Trace GC Ultra gas chromatograph was used. The reported d 13 C values for the PLFAs were corrected for the C atom added during the methylation step as in Williams et al. (2006) . The d 13 C in the respired CO 2 was corrected for the background signal of d 13 C in CO 2 in the sampled headspace vials using standard procedures.
Statistical analyses
Treatment effects on all measured variables were tested for using two-way analysis of variance (ANOVA) with the field treatment as one factor (Co, 2X, 0X, T, T0X, and OA) and soil horizon (O or M) as the other. Treatment comparisons were done using Tukey's pairwise comparisons at the a ¼ 0.05 level. The relationship between C quality (respiration per unit SOC) and d 13 C content of SOC and respired CO 2 and N transformation rates were tested using linear type II major axis regressions. The PLFA composition (molecular percentage of the 30 most abundant PLFAs) was analyzed with a principal component analysis (PCA) after standardizing to unit variance. To directly test microbial responses to a C-quality effect, as measured with respiration per unit SOC, type II major axis regressions were used. To conservatively estimate independence between field treatments, these regressions were done on the means of each treatment, rather than individual field replicates (i.e., assuming n ¼ 12 rather than n ¼ 42), to avoid false positives.
RESULTS
Soil characteristics
The SOM content was affected by both treatment (F 5,30 ¼ 14.0, P , 0.0001) and horizon (F 1,30 ¼ 116, P , 0.0001) with an interaction between the factors (F 5,30 ¼ 7.9, P , 0.0001). There was a higher concentration of SOM in the organic than in the mineral horizon, while the treatments separated clearly between those that received litter and those did not (Table 1 ). The SOC and N concentrations behaved very similarly to the SOM concentrations, leading to a stable C:N ratio, indistinguishable between horizons and treatments, at about 15 (Table 1) . Soil moisture was also affected by both treatment (F 5,30 ¼ 8.45, P , 0.0001) and horizon (F 1,30 ¼ 69, P , 0.0001) with an interaction between the factors (F 5,30 ¼ 2.8, P ¼ 0.04; Table 1 ). The O horizon had higher moisture than the M horizon, and the treatments with litter had higher moisture than those without litter input (Table 1) . However, the observed differences in soil moisture were related to variation in the waterholding capacity, driven by the SOM concentration, rather than differences in microbial availability to water. The NH 4 þ concentration was not distinguishable between horizons or treatments, averaging about 3.4 lg N/ g soil (Table 1) . Soil pH was affected by treatment (F 5,30 ¼ 11.7, P , 0.001) and horizon (F 1,30 ¼ 38.4, P , 0.0001) with an interaction between the two factors (F 5,30 ¼ 4.0, P ¼ 0.007). It was marginally higher in the M than O horizon, while the treatments without plant litter input (0X, T0X) had marginal higher pH than those with litter input (Co, 2X; Table 1 ).
Fungal and bacterial growth
There were small but systematic effects of treatments and horizon, with an interaction between the factors for fungal growth per unit SOC (Fig. 1a, b) . Higher litter input appeared to stimulate fungal growth; however, a clear effect was the high rate of fungal growth in the OA treatment, with fungal growth rates being higher overall in the O compared with the M horizon. The bacterial growth per unit SOC was affected by treatment but not by horizon (Fig. 2c, d ). Like for fungal growth, high rates of bacterial growth were observed in the OA treatment, but the treatments with litter additions (2X, Co, T) tended to be only marginally lower than those without (0X, T0X). This yielded a ratio between fungal and bacterial growth that was affected by treatment but not horizon (Fig. 1e, f ) . Again, we observed a trend where treatments with litter inputs (2X, Co, OA, T) were higher than those without litter input (0X, T0X) suggesting a correlation between fungal dominance and litter input.
Respiration and gross N transformation
The respiration rate per unit SOC was affected by both treatment and horizon (Fig. 2a, b) . Rates were higher overall in the O compared to the M horizon and were particularly high in the OA treatment. However, FIG. 1. (a, b) The fungal growth rate as determined using the acetate incorporation into ergosterol method (treatment F 5,30 ¼ 12.4, P , 0.0001; horizon F 1,30 ¼ 17.5, P , 0.0001; treatment 3 horizon F 5,30 ¼ 3.0, P ¼ 0.02), (c, d) the bacterial growth rate as determined using the leucine incorporation into extracted bacteria method (treatment F 5,30 ¼ 3.6, P ¼ 0.011; horizon F 1,30 ¼ 0.64, P ¼ 0.43; treatment 3 horizon F 5,30 ¼ 2.7, P ¼ 0.041), and (e, f ) the logarithm of the ratio between fungal-to-bacterial growth (treatment Table 1 for treatment  definitions. there was also a tendency for higher respiration in treatments with litter input (2X, Co, OA, T) compared to those without litter input (0X, T0X); a trend observed in the O but not in the M horizon. The NH 4 þ production per unit SOC estimates gave a very similar, and yet clearer picture (Fig. 2c, d ). Rates were higher in the O than M horizons, and treatments with litter input (2C, Co, OA, and T) were all clearly higher than those without litter input (0X and T0X) in the O horizon, with no obvious treatment differences in the M horizon. No significant treatment or horizon differences were observed for NH 4 þ consumption per unit SOC estimates (Fig. 2e, f ) .
C and N mineralization relationships with SOC quality
The d (Fig. 3a) , where the most depleted SOC (OA and 2X treatments in the O horizon with a d 13 C , À28.0%) had a fourfold higher quality than the most enriched SOC (2X and T0X treatments in the M horizon with a d 13 C . À26.5%; Fig. 3a ). In contrast, the ] 13 C enrichment in the respired CO 2 revealed no systematic horizon or treatment dependence, and thus C quality had no influence on the CO 2 d 13 C enrichment (Fig. 3b) .
The NH 4 þ production showed a clear dependence on the quality of SOC as indicated by both respiration per SOC ( Fig. 3c) and by the d 13 C enrichment in SOC (Fig.   3d ). The slope between the rate of mineralization of C per h and N per day (Fig. 3c) suggested that the C:N ratio of the SOM mineralized was ;25, and thus higher than the average C:N of the SOM (;15; Table 1 ). In contrast, the NH 4 þ consumption rate did not show any clear relationship with the quality of SOC. Instead, strong positive relationships between NH 4 þ consumption rates and both fungal (type II major axis regression: P ¼ 0.02, R 2 ¼ 0.43, n ¼ 12), and particularly with bacterial growth (type II major axis regression: P ¼ 0.0006, R 2 ¼ 0.71, n ¼ 12) could be substantiated.
Microbial biomass
The microbial biomass per unit SOC, as measured by SIR, depended on treatment (F 5,30 ¼ 10.1, P , 0.0001), but only marginally on soil horizon (F 1,30 ¼ 4.1, P ¼ 0.051). The OA treatment stood out with an approximately twofold higher SIR biomass than the other treatments, which were not distinguishable ( Table 2) . The microbial biomass per unit SOC, as measured by total PLFA, depended on both treatment (F 5,30 ¼ 4.4, P ¼ 0.0042) and horizon (F 1,30 ¼ 4.4, P ¼ 0.044), with an interaction showing a larger treatment influence in the M horizon (F 5,30 ¼ 3.4, P ¼ 0.016). The total PLFA concentration per unit SOC was higher in the O than M horizon, and ranked from high to low as OA, T0X, 0X, Co, 2X, and T ( Table 2 ). The bacterial PLFA concentration per unit SOC was unaffected by treatment and horizon (Table 2 ). The fungal PLFA concentration per unit SOC depended on both treatment (F 5,30 ¼ 22.1, P , 0.0001) and horizon (F 1,30 ¼ 106, P , 0.0001), with an interaction (F 5,30 ¼ 3.8, P ¼ 0.0083) showing that treatment effects were larger in the O horizon.
The fungal PLFA concentrations were higher in the O horizon, and the concentration in the different treatments ordered from high to low concentration as OA, 2X, Co, T, T0X, 0X, (Table 2) . Thus fungal PLFA concentration per unit SOC was higher with litter input (OA, 2X, Co, T) than without (T0X, 0X). The ergosterol concentration per unit SOC was affected by both treatments (F 5,30 ¼ 6.5, P ¼ 0.0003) and horizon (F 1,30 ¼ 47.9, P , 0.0001). The concentration was higher in O than in M horizons, and the treatments ranked from high to low concentrations as OA, T, 2X, Co, T0X, 0X (Table 2) . Thus, treatments with litter input had higher concentrations of ergosterol per SOC than those without litter input, consistent with the fungal PLFA results.
Microbial PLFA composition and d
C content
The first principal component (PC1) of the PLFA pattern explained a substantial fraction (30.9%) of the variation in the data, while PC2 explained 13.8% (Fig.  4a) . The C-quality effect on the PLFA composition aligned closely along PC1, with high C-quality treatments aligning toward high PC1 values, and vice versa. Thus, the O horizon samples clustered toward high PC1 values and M horizon samples toward low PC1 values. The litter input treatments (2X, OA, Co) within the horizons clustered toward high PC1 values, with the opposite being true for treatments with no litter input (0X, T0X) within each horizon. This led to significant effects of both treatment (F 5,30 ¼ 19.8, P , 0.0001) and horizon (F 1,30 ¼ 224, P , 0.0001) on PC1.
The d 13 C enrichment of PLFA markers did not depend on treatment or horizon (Fig. 5 ). There were systematic differences between the enrichment of different PLFA markers ( Fig. 5 ; one-way ANOVA; F 18, 779 ¼ 13.3, P , 0.0001), where the d 13 C enrichment ranged between relatively enriched markers such as 10Me18:0, 16:1x5, a17:0 and i14:0 at À26% to À27%, to relatively depleted markers, such as 18:1x7, cy19:0 and 18:2x6,9 at À31% to À29% (Fig. 5) . When aggregated into the taxonomic categories listed in Fig. 5 , there were significant differences between groups (F 6,30 ¼ 14.4, P , 0.0001), with d 13 C enrichment ranging from highest to (175) 629 (81) 46 (6) 136 (26) No input, T0X O 13.7 (1.15) 2033 (317) 672 (40) 98 (2) 160 (9) M 8.9 (2.02) 1357 (140) 595 (38) 37 (3) 70 (6) Notes: Values are means (with SE in parentheses) of six (Co) or three (other treatments) field replicates in the O and M horizons. Microbial variables are given per g soil organic carbon (SOC). SIR-biomass is the total microbial biomass as estimated using the substrate-induced respiration (SIR) method. Total PLFAs (phospholipid fatty acids) is a measure of the total microbial biomass, while bacterial PLFAs and fungal PLFA represent measures of the subcomponents bacteria and fungi. Ergosterol is a measure of total fungal biomass (see methods for further detail).
lowest as GÀ/AMF, Actin, Gþ, GÀ/F, F and GÀ (taxonomic groups defined in Fig. 5 ).
C-quality effects on microbial variables
There was a significant influence on the fungal growth per unit SOC by C-quality, as estimated by respiration per SOC (Fig. 6a) . In contrast, bacterial growth per unit SOC (Fig. 6b) and the fungal to bacterial growth ratio (Fig. 6c) were both unaffected by C quality. The biomass concentration of fungi (Fig. 7a, d ) and bacteria (Fig. 7b) per SOC along with the PLFA composition did not significantly depend on the C quality. However, we note clear positive trends with the C quality for concentrations of fungal PLFA 18:2x6,9 per unit SOC ( Fig. 7a ; P ¼ 0.06), ergosterol per unit SOC ( Fig. 7c ; P ¼ 0.16), and for a systematic variation in the PLFA composition ( Fig. 7c ; P ¼ 0.09), while the bacterial biomass per unit SOC contrasted with this pattern by being highly independent of the C quality (Fig. 7b) .
DISCUSSION
DIRT treatment induced effects on SOC quality
The two metrics used to assess SOC quality as perceived by the microbial decomposer community, respiration per SOC and d 13 C in SOM, appeared to be responsive to the field-experiment manipulations, and yielded corroborative results. Consequently, our hypotheses could be addressed. We hypothesized (H1) that the decadal plant input manipulations of the DIRT experiment would result in differences in the SOC quality, and that relatively high-quality SOC would benefit bacteria relative to fungi, with the opposite being true for relatively low-quality SOC. Our results clearly show that the first part of the hypothesis is supported with 4.5-fold differences in C quality (as shown by respiration per unit SOC) that had resulted from the field treatments. Even within the O horizon, the field treatments had resulted in threefold differences in SOC quality (respiration per unit SOC in OA compared with 0X) and, more generally, the treatments with litter (OA, 2X, Co, T) had resulted in SOC with on average a twofold higher SOC-quality than that resulting from treatments without litter input (0X, T0X; Fig. 2a) . We also note that the OA treatment (OA removal and replacement with B horizon soils from nearby) generated a particularly high C quality. This result is consistent with early observations a few years after the initiation of this DIRT experiment (Bowden et al. 1993) , along with recent observations (Lajtha et al. 2014) ; however, the underlying mechanisms are neither clear nor possible to evaluate in the current assessment. One possible reason could be elevated pH during the past decades, but this can at present only be substantiated with a marginally elevated pH in the M horizon compared with other treatments (Table 1) . Interesting follow-up questions that emerge are whether the physical, chemical, or biotic mechanisms cause these pronounced differences (Schmidt et al. 2011) . Specifically, it would be valuable to explore whether the chemistry of annual C inputs is different between the OA and control or litter addition treatments, or if biophysical accessibility, related to the nature of C movement down the soil profile, was radically affected in the OA treatment. The treatments where belowground plant C allocation was manipulated by trenching, in contrast, did not clearly affect the SOC quality, suggesting that aboveground plant C inputs dominated the long-term effects on SOC quality in the studied system relative to belowground plant C inputs. Although the determination of mechanisms for a Cquality gradient of SOM was not an objective of the present study, it is reassuring that our findings are consistent with previously reported results on littermanipulation experiments based on SOC quality estimations from a previous sampling of the same field experiment (estimated as time until 1% SOC loss by respiration in laboratory incubations; Lajtha et al. 2014) . Additionally, although the belowground plant C input has been estimated to contribute substantially to field measurements of soil respiration in DIRT experiments, its contribution to SOM build-up has been thought to be small in relation to the contribution by litter (Sulzman et al. 2005) . Moreover, in a recent assessment of a parallel DIRT experiment in deciduous forest stands in Oregon, root-derived C had a higher resistance to decomposition than C derived from litter (Crow et al. 2009 ). Irrespective of the underlying mechanisms by which a gradient in SOC quality was generated, we do see unambiguous evidence for one (Fig. 2a, b) . Added to this, both indices used to assess SOC quality, the natural abundance of d 13 C in SOM and respiration per SOC, provide corroborative evidence, thus matching previous findings (e.g., Abraham et al. 1998 , Cifuentes and Salata 2001 , Sollins et al. 2009 , Gunina and Kuzyakov 2014 . We can consequently proceed to evaluate whether high-quality SOC favors bacteria, with the reverse being true for fungi (H1), and track the quality of used SOC with the d 13 C.
Microbial responses to SOC quality
Fungal growth per unit SOC increased with higher SOC quality (Fig. 6a) , while both bacterial growth per unit SOC (Fig. 6b) and the fungal-to-bacterial growth ratio (Fig. 6c) showed no systematic pattern with soil C quality. While the biomass measures of fungi and bacteria did not show strong patterns with the SOC quality gradient resulting from the DIRT treatments, we note clear and reproducible suggestions for higher fungal biomass per unit SOC with higher-quality C (Fig. 7a, c) , while bacterial biomass appeared completely independent (Fig. 7c) . The d 13 C microbial PLFA was not affected by the DIRT treatments (Fig. 5 ). There were also very limited differences of d 13 C among most microbial PLFA markers (Fig. 5) . In minor deviations from this general pattern, we note a trend for a use of particularly low-quality SOC by one of two actinomycete markers (i.e., enriched values in 10Me18:0), and a use of higher-quality SOC suggested by somewhat depleted values in the fungal marker (PLFA 18:2x6, 9; Fig. 5 ). Added to this, the relative abundance of fungal PLFAs (PLFA 18:2x6,9) was higher in the high-Cquality treatments (Fig. 4) . It should be noted that mycorrhizal fungal biomass normally is more depleted (by 2-3%) than saprotrophic fungal biomass (Ho¨gberg et al. 1999) , which could also have contributed to both the relative abundance PLFA 18:2x6,9 and its d 13 C enrichment. However, together with the results from saprotrophic fungal growth, the d 13 C of fungal PLFA suggested use of higher-quality SOC than that used for most other PLFAs, further strengthening a consistent pattern where fungi were benefited relative to bacteria by high-quality SOC. Thus, several lines of evidence add up to show that high-quality SOC benefited fungal dominance over bacterial, in direct contrast with our hypothesis (H1).
SOC use by fungal and bacterial decomposers
We hypothesized that the CO 2 produced in treatments that had resulted in lower-quality SOC with relatively higher dominance of fungi would have a more enriched d 13 C, indicative of more recalcitrant C being mineralized (H2). In contrast, the d 13 C in respired CO 2 appeared to be independent of the SOC quality (Fig. 3d) . This suggests that in treatments with a reduction in SOC quality (i.e., a lower relative abundance of high-quality C), less C was mineralized without any change in the quality of the C used. This result is consistent with results from previous assessments, which have found similar d 13 C in respired CO 2 in spite of d 13 C differences in substrates respired (Fernandez et al. 2003 , Churchland et al. 2013 , and undistinguishable d 13 C in CO 2 produced from different DIRT treatments in short term assessments of fresh soil (Crow et al. 2006 ). Thus we see evidence for a selective microbial use of high-quality components of the SOC, with a resulting respiration dominated by the abundance of high-quality C remaining, as suggested by the stable d 13 C (Fig. 3b ) but variable rate (Fig. 2a, b ) of respired CO 2 . As previously pointed out (e.g., Fernandez et al. 2003) , the selective microbial processing of SOC with a relatively depleted d 13 C can also explain how the pattern between apparent SOC quality and its d 13 C content (Fig. 3a) has formed. To evaluate our second hypothesis, we see no difference between the SOC-quality used by a fungal compared with a bacterial-dominated decomposer community.
Nutrient cycling of fungal and bacterial decomposers
We hypothesized that a relatively more bacterialdominated decomposer system should be characterized by a nutrient cycle of lower retention, as shown by higher C and N mineralization and a higher potential for mineral N leaching (Wardle et al. 2004 , de Vries et al. 2012 . Since mineralized organic matter is composed of both C and N, it should naturally be expected that C mineralization and gross N mineralization should be well correlated (Hart et al. 1994) . Our results confirm this expectation (R 2 ¼ 0.69, P ¼ 0.0007, n ¼ 12; Fig. 3c ). We observed treatment related differences in the NH 4 þ production, and thus the potential for mineral N leaching, that were positively related with SOC quality. This contrasted with previous assessments of other DIRT experiments where no treatment differences were discerned (Holub et al. 2005) . However, those previous assessments only included the mineral horizons, where we also observed less-pronounced treatment-induced differences. The rather higher C:N ratio of mineralized SOM (;25; Fig. 3c ) relative to the C:N of the SOM (;15; Table 1) corroborates the evidence from the depleted d 13 C signal in the respired CO 2 (Fig. 3b) ; both suggesting that plant-like material dominates the microbial SOM use (Ho¨gberg et al. 1999, Gunina and Kuzyakov 2014) .
As has been previously noted, estimating NH 4 þ consumption with the presently used approach is biased by the increased NH 4 þ -concentration that addition of 15 N tracers induces. Thus, it likely results in overestimated consumption rates (Hart et al. 1994 , Holub et al. 2005 , which could have compromised the sensitivity of NH 4 þ consumption estimates to capture treatment differences (Fig. 2e, f ) . While no relationship between NH 4 þ consumption and any of our used SOC quality indices could found, clear positive relationships were seen to microbial growth; particularly to bacterial growth. So, did the detected differences in N transformation rates coincide with shifts in bacterial dominance? There was no relationship of N or C mineralization with measured bacterial variables (Figs. 1 and 2) . Respiration (C mineralization) was closely related to fungal measures, with a corroborative tendency also found for þ production. Thus, the propensity for the ecosystem to loose both C and N increased with a higher fungal dominance, in contrast with our hypothesis (H3). Moreover, the propensity for the system to retain mineral N (NH 4 þ consumption rate) was more positively related to bacterial than to fungal growth, again in contrast with the hypothesis (H3).
Ecosystem implications of fungal-to-bacterial dominance revised
To summarize and to evaluate our set of hypotheses together, we found no support for a positive relationship between the relative dominance of bacteria and high SOC quality (H1). The SOC decomposed in relatively more fungal-dominated soils is not different from that degraded in relatively more bacterial-dominated systems (H2). The C and N mineralization, and thus the potential for C and N leakage, in relatively fungaldominated systems was not lower than that occurring in relatively bacterial-dominated ones; and fungal-dominated systems were not better than bacterial-dominated systems at retaining mineral N (H3). These results suggest structural differences between soil microbial characteristics driven by the age and quality of C input, that also carry implications for system biogeochemistry. Specifically, increased fresh plant C influx will promote a shift toward a fungal dominance of SOM turnover. Such changes could be induced by increased forest productivity (e.g., in warmer conditions) or induced by biomass harvest and subsequent recolonization (as indicated by the OA treatment). A shift toward fungal dominance will also lead to a faster mineralization of C and N, and a somewhat lower microbial retention of mineral N.
These findings contrast with widely held beliefs within soil microbial ecology. Detrital food webs dominated by bacteria are thought to support high turnover rates of easily available substrates, while slower fungal-dominated decomposition pathways support the decomposition of more complex organic material (Wardle et al. 2004 , de Graaff et al. 2010 , de Vries et al. 2012 . The crude phylogenetic resolution of fungal and bacterial decomposers has been thought to capture disparate life strategies for soil decomposers, associating bacteria with an r-selected strategy for C and nutrient use, and fungi with a K-selected strategy (Fontaine et al. 2003 , Fontaine and Barot 2005 ). These assumptions have been incorporated into food-web models, where the different properties of fungi and bacteria with regard to C sequestration, nutrient turnover, and ecosystem stability have been concluded (Moore et al. 2004 , Neutel et al. 2007 , Bezemer et al. 2010 ). This influential work has manifested a widely held belief that bacterial decomposer pathways in soil support high turnover rates of easily available substrates, while slower fungal-dominated decomposition pathways support the decomposition of more complex organic material (Wardle et al. 2004 , de Graaff et al. 2010 , de Vries et al. 2012 . We note that these assumptions about the microbial processing of SOM rarely have been tested, or, when they have, either the microbial use of SOM has been inferred from the colonization of plant litter (e.g., de Graaff et al. 2010) rather than SOM or biomass concentrations of fungi and bacteria have been assumed to reflect their contribution to SOM turnover (e.g., Wardle et al. 2004 , de Vries et al. 2012 , an assumption that is not met in soil Ba˚a˚th 2007, 2011) .
We find no evidence in favor of the supposition that bacterial-dominated food webs cycle faster and leak more C and N than fungal-dominated ones, and convincing suggestions for the opposite, in the studied forest soil. Our results highlight the fact that many of the important dogma held as true in soil microbial ecology have limited empirical support (Strickland and Rousk 2010) . In one of the few empirical validations of another dogma, that fungi have a higher C-use efficiency than bacteria , Thiet et al. (2006) found that in fact the C-use efficiency of bacterial and fungaldominated decomposer systems could not be distinguished. Taken together with the results we report here, the lack of support for central assumptions about the properties of the soil decomposer food web can only be regarded as humbling. Assumptions about the soil decomposer community (e.g., C-use efficiency, nutrient retention, etc.) influence predictions of ecosystem models (Allison 2012 , Wieder et al. 2013 ) and the empirical basis for these assumptions is still weak.
